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Abstract.   Freshwater wetlands are particularly vulnerable to climate change. Specifically, changes in 
temperature, precipitation, and evapotranspiration (i.e., climate drivers) are likely to alter flooding re-
gimes of wetlands and affect the vital rates, abundance, and distributions of wetland-dependent species. 
Amphibians may be among the most climate-sensitive wetland-dependent groups, as many species rely 
on shallow or intermittently flooded wetland habitats for breeding. Here, we integrated multiple years 
of high-resolution gridded climate and amphibian monitoring data from Grand Teton and Yellowstone 
National Parks to explicitly model how variations in climate drivers and habitat conditions affect the oc-
currence and breeding dynamics (i.e., annual extinction and colonization rates) of amphibians. Our results 
showed that models incorporating climate drivers outperformed models of amphibian breeding dynamics 
that were exclusively habitat based. Moreover, climate-driven variation in extinction rates, but not colo-
nization rates, disproportionately influenced amphibian occupancy in monitored wetlands. Long-term 
monitoring from national parks coupled with high-resolution climate data sets will be crucial to describing 
population dynamics and characterizing the sensitivity of amphibians and other wetland-dependent spe-
cies to climate change. Further, long-term monitoring of wetlands in national parks will help reduce un-
certainty surrounding wetland resources and strengthen opportunities to make informed, science-based 
decisions that have far-reaching benefits.
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Introduction

Freshwater wetlands support a disproportion
ately high diversity of species relative to terrestrial 
and marine ecosystems (Dudgeon et  al. 2006, 

Gopal 2009), but these habitats are particularly 
vulnerable to climate change (Bardecki 1991, 
Matthews 2010, Lee et al. 2015). Changes in tem-
perature, precipitation, and evapotranspiration 
(i.e., climate drivers) are likely to alter flooding 
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regimes of freshwater wetlands and, in particu-
lar, accelerate drying of shallow or hydrologically 
isolated wetland habitats (Burkett and Kusler 
2000, Brooks 2004, Erwin 2009). All wetlands are 
expected to experience some hydrological change, 
and the cumulative effects of these changes will 
alter the spatial distribution and connectivity of 
wetlands (Lee et  al. 2015). Combined, wetland 
drying and changing hydroperiods will likely 
affect vital rates, influence abundance, restrict 
distributions, and disrupt synchrony among 
populations of wetland-dependent species, ulti-
mately threatening the persistence of some spe-
cies and reducing local and regional biodiversity 
(Johnson et  al. 2010, 2011, Quesnelle et  al. 2013, 
Anderson et al. 2015).

Although many taxa are likely to be affected by 
climate-induced changes to wetlands, amphibi-
ans are among the most climate-sensitive taxo-
nomic groups (Corn 2005, Buckley and Jetz 2007, 
Eck et al. 2014, Case et al. 2015). Many amphib-
ians breed in shallow or intermittently flooded 
wetland habitats. While these habitats reduce 
amphibian susceptibility to fish predation, they 
are extremely sensitive to the constraints of a 
warming climate (Brooks 2004, Riordan et  al. 
2006, Lee et  al. 2015). Specifically, increased air 
temperatures increase evapotranspiration rates, 
decrease soil moisture levels, shorten hydroperi-
ods, and accelerate wetland drying (Burkett and 
Kusler 2000, Riordan et  al. 2006, McMenamin 
et al. 2008, Matthews 2010, Matthews et al. 2013). 
Some species with complex life histories might 
compensate for changing conditions by acceler-
ating growth or development during embryonic 
or larval life stages, but often at the expense of 
reduced size at metamorphosis and lower fitness 
(Berven 1990, Denver 1997). Furthermore, plas-
ticity in growth and development can vary by life 
stage and is already near maximum physiological 
capacities for many species that breed in tempo-
rary environments (Newman 1992, Richter-Boix 
et  al. 2011). Longer-lived amphibians may skip 
breeding in dry years when the risk of mortality 
is higher and probability of larval survival is low 
(Church et al. 2007, Cayuela et al. 2014).

Despite these observations, the effects of a 
warming climate on wetland-associated amphib-
ians are not straightforward, because amphibi-
ans also breed in deeper, permanent wetlands. In 
these deeper habitats, a warming climate could 

extend growing seasons and offer fitness bene-
fits to ectotherms (McCaffery and Maxell 2010), 
especially to amphibians occupying cold regions 
(Deutsch et al. 2008, McCaffery et al. 2014). Thus, 
climate effects on shallow wetlands can be dis-
tinct from deep wetlands and can have differ-
ent effects on species with different life histories 
dependent on the particular wetland types used 
for breeding. These nonlinear responses to tem-
perature among life stages and habitats, as well 
as varying demographic sensitivities, make it dif-
ficult to predict effects of climate change on pop-
ulations. Such complexities emphasize the need 
for studies that assess breeding dynamics across 
a gradient of wetland types to fully understand 
the effects of climate on amphibians and other 
wetland-dependent species (Ryan et  al. 2014, 
Anderson et al. 2015).

A logical place to explore the effects of climate 
drivers on the dynamics of wetland-associated 
species is within topographically diverse and 
climatologically heterogeneous regions. In such 
regions, spatial and temporal variations in tem-
perature and precipitation act differently on 
individual wetlands and wetland types and 
contribute to local patterns of amphibian use 
(Cayuela et  al. 2016). Within the United States, 
most national parks and wilderness areas occur 
across topographically complex landscapes and 
thus offer important baselines for comparing 
ecological and hydrological responses to more 
disturbed areas and provide for opportunities to 
examine climate impacts independent of other 
anthropogenic stressors (e.g., invasive species 
and large-scale habitat alterations) that have con-
tributed to declines in biodiversity (Fancy et al. 
2009, Lee et al. 2015, Machlis and McNutt 2015). 
Multiyear amphibian monitoring data sets from 
U.S. national parks (e.g., Gould et al. 2012, Fellers 
et  al. 2015) are therefore uniquely suited for a 
focused examination of the impacts of climate 
variation on distribution, richness, and popula-
tion dynamics (Ray et al. 2014).

Few researchers have explicitly modeled the 
effects of annual and spatial variations in precip-
itation and hydrological regimes on the occur-
rence and breeding dynamics of amphibians over 
multiple years (see Cayuela et al. 2012, Walls et al. 
2013, Anderson et al. 2015, Cayuela et al. 2016 as 
exceptions). Here, we integrate multiple years of 
high-resolution gridded climate and amphibian 
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monitoring data (see Gould et  al. 2012, Ray 
et  al. 2014) from Grand Teton and Yellowstone 
National Parks to examine the effects of climate 
drivers and wetland habitat characteristics on 
amphibian occupancy (i.e., whether the wetland 
was used for breeding) and on annual breeding 
dynamics (i.e., local extinction and colonization). 
Specifically, we examined whether models that 
included climate drivers strengthened our abil-
ity to describe local extinction and colonization 
dynamics and overall patterns of amphibian 
occupancy compared with models based on hab-
itat variables alone (Gould et  al. 2012). We use 
the term extinction to refer to the probability 
that a wetland with amphibian breeding in the 
previous year was not used for breeding in the 
following year. Conversely, colonization refers 
to the probability that a site without breeding in 
the previous year was used for breeding in the 
following year. We also explored whether esti-
mates of extinction, colonization, and occupancy 
varied among wetlands of various depths. By 
incorporating information on annual variation in 
climate drivers and specific wetland habitat char-
acteristics, we sought to develop a more mecha-
nistic understanding of the link between climate 
drivers, wetlands, and amphibian breeding that 
would facilitate predictions of amphibian occu-
pancy under different climate scenarios.

Methods

Study area
Grand Teton National Park, John D. Rockefeller 

Jr. Memorial Parkway, and Yellowstone National 
Park (combined area ~10,300  km2) are adjacent 
national park units located primarily in northwest 
Wyoming (Fig. 1). Hereafter, Grand Teton National 
Park refers to lands within Grand Teton National 
Park and the adjacent John D. Rockefeller Jr. 
Memorial Parkway. Grand Teton and Yellowstone 
National Parks include some of  the most topo-
graphically complex and climatologically hetero-
geneous protected areas in the conterminous 
United States (Tercek et al. 2012). Elevation ranges 
from 1600 m in the lowest portion of Yellowstone 
to > 4000 m in the Teton Range (Fig. 1). Vegetation 
of the two parks includes sagebrush and grass-
lands at lower elevations, conifer forests at middle 
and upper elevations, and deciduous trees, wil-
lows, grass–sedge, and forbs in moist areas. The 

climate is characterized by long, cold winters and 
brief, cool summers, with considerable spatial het-
erogeneity in annual precipitation (25  cm to 
> 200 cm; Wright and Gallant 2007). Snow provides 
the main source of surface water (Pederson et al. 
2011a). Wetlands of the study area vary in size, 
depth, and hydroperiod and are most prominently 
influenced by local soil permeability (Elliot and 
Hektner 2000). Isolated, palustrine wetlands are 
the predominant wetland type and constitute 
approximately 3% of the area of the two parks 
(Gould et al. 2012).

There are six native amphibian species within 
the two parks. Our analysis focused on the three 
most common species: western tiger salaman-
der (Ambystoma mavortium), boreal chorus frog 
(Pseudacris maculata), and Columbia spotted 
frog (Rana luteiventris). Although widespread, 
western toad (Anaxyrus boreas) occurrence was 
too sparse (< 2% of wetlands) to include in the 
analyses. The other native species are the north-
ern leopard frog (Lithobates pipiens), which is 
apparently extirpated, and the Plains spadefoot 
toad (Spea bombifrons), which was recently docu-
mented in Yellowstone National Park (Schneider 
et al. 2015). All species have complex life histo-
ries and require water for breeding and larval 
habitat before metamorphosing. In brief, the 
Columbia spotted frog is highly aquatic and typ-
ically uses permanent water for breeding. After 
breeding, spotted frogs may remain at breeding 
sites or move to other aquatic habitats for for-
aging or overwintering (Bull and Hayes 2001, 
Pilliod et al. 2002). Spotted frogs in Yellowstone 
National Park reach sexual maturity in 4–6  yr 
(Turner 1960); females of this species likely breed 
every 2 or 3  yr (Turner 1958). The boreal cho-
rus frog in this region uses a variety of shallow 
water habitats for breeding (Koch and Peterson 
1995) and some individuals of high-elevation 
populations begin breeding the first or second 
spring following metamorphosis (Tordoff and 
Pettus 1977). Although variable across their 
range, spotted frogs and chorus frogs typi-
cally metamorphose within 2–4  months after 
egg deposition. Western tiger salamanders are 
long-lived species found mostly in permanent 
and semipermanent wetlands. In Yellowstone 
National Park, tiger salamanders reach sexual 
maturity in 4–5 yr (Spear et al. 2006) and, else-
where, a closely related species is known to skip 
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Fig. 1. Study area map showing locations of monitored catchments in Grand Teton and Yellowstone National 
Parks. Elevation contours are displayed with the lightest areas representing areas < 2000 m and darkest areas 
represent elevations > 2500 m. To illustrate the spatial variation in each climate driver (i.e., evapotranspiration, 
cumulative growing degree-days, precipitation, and runoff) across the region, we show catchment-level means 
(using all wetlands in each catchment) for year 2007. Panel A shows the mean April to June evapotranspiration 
estimate (ET; in mm) for all wetlands within each catchment. Panels B, C, and D show the mean estimate of 
(B) cumulative growing degree-days (CGDD), (C) April to June precipitation (PRECIP; in mm), and (D) annual 
runoff (RUNOFF; in mm) for all wetlands within a catchment.
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breeding in unfavorable years (Church et  al. 
2007). Additionally, this species is able to use 
alternative phenotypes to exploit different habi-
tats (Bruzgul et al. 2005). Salamander larvae may 
complete metamorphosis in the same summer 
that eggs were laid, or overwinter as larvae for 
one or more years before completing metamor-
phosis. Alternatively, in permanent wetlands 
and ponds, salamanders can reach sexual matu-
rity in their paedomorphic or water-dependent 
larval form.

Study design and data collection
Our sampling frame and methods are described 

in detail elsewhere (see Gould et  al. 2012, Ray 
et al. 2014). Briefly, after separating the two parks 
into 3370 catchments averaging approximately 
200  ha in size, we selected a stratified random 
sample of catchments that contained wetlands 
with potential amphibian breeding habitat. 
Catchments were initially stratified based on 
amount of mapped wetland habitat described on 
U.S. Fish and Wildlife Service National Wetland 
Inventory maps (Cowardin et al. 1979). We delin-
eated catchments as (1) high quality, which con-
tained > 4  ha of permanent and semipermanent 
wetlands and > 2  ha of seasonally flooded wet-
lands (n  =  135 catchments), (2) medium quality, 
which contained a lesser amount of permanent 
and semipermanent wetlands (>0  ha and <4  ha) 
and at least 1 ha of seasonally flooded wetlands 
(n = 990 catchments), (3) and low quality, which 
were overwhelmingly the most common in both 
parks (n = 2245 catchments) and contained limited 
amounts of permanent or seasonal wetlands. 
However, we constrained our analyses based on 
previous research (Gould et  al. 2012) revealing 
similar occupancy and extinction and coloniza-
tion rates in high- and medium-quality catch-
ments (> 1  ha of seasonally flooded wetland/
catchment plus some amount of permanent or 
semipermanent wetlands). The low-quality habi-
tat stratum (2245 catchments) provided little infor-
mation and was excluded from our analysis.

Each year, from 2006 to 2012, we surveyed all 
wetlands within selected catchments that con-
tained water for evidence of breeding and doc-
umented the absence of water in dry wetlands. 
We surveyed wetlands from early June through 
July (depending on elevation). Surveys were 
timed to detect evidence of breeding activity 

(e.g., presence of eggs, larvae, or metamorphs). 
Two observers conducted independent dip-net 
surveys on a single visit that served as replicate 
surveys for each wetland (Gould et  al. 2012). 
Replicate surveys were separated by at least 
15 min with no communication between observ-
ers until after survey completion. All wetlands 
included in the analysis contained water during 
at least one survey year. If a wetland was dry 
in a particular year, we recorded all species as 
undetected for both observers. Elevation of sur-
veyed wetlands ranged from 1947 to 2789  m. 
When water was present, we recorded informa-
tion on current size of each wetland (in square 
meters), extent of emergent vegetation (percent 
cover), and maximum depth (< 0.5, 0.5–1, 1–2, 
> 2 m).

For our analyses, we selected wetland eleva-
tion, emergent vegetation cover, maximum depth, 
and estimated wetland area as covariates because 
they are commonly associated with occurrence, 
abundance, and colonization and extinction of 
wetland-dependent amphibians in this region 
(Gould et al. 2012, Hossack et al. 2015). We also 
used the average distance from a site to all other 
wetlands in a catchment as a measure of isolation. 
We expected isolation would be inversely related 
to occupancy and colonization, because close 
proximity of other populations could provide col-
onists and prevent local extinction (sensu Brown 
and Kodric-Brown 1977).

Climate drivers/covariates
We used high-resolution spatially interpolated 

Daymet gridded climate data sets (Thornton et al. 
2014) to summarize daily estimates of air tem-
perature and precipitation for all monitored wet-
lands within the study area. We combined 
gridded (1  ×  1  km grid cells) estimates of daily 
meteorological parameters with a modified 
Thornthwaite water balance model (Gleick 1986, 
Thoma et al. 2015) to estimate evapotranspiration 
(in mm) and runoff (in mm) at the same scale. In 
brief, the water balance model approach incorpo-
rates gridded meteorological summaries in 
monthly time steps to quantify the consequences 
of monthly and annual variations in precipitation 
and temperature (Gleick 1986). Importantly, the 
water balance approach has been shown to reli-
ably estimate runoff (i.e., surplus waters that fill 
wetlands) for locations in the mountainous 
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western United States (Gray and McCabe 2010) 
and provides estimates of climate drivers at a 
finer resolution than alternative approaches (e.g., 
Palmer Drought Index). Gridded data sets like 
Daymet have been described as critical to charac-
terizing fine-scale climate variation in topograph-
ically complex regions that contain steep climate 
gradients (Hijmans et al. 2005).

We used a Thornthwaite-type single soil layer 
water balance model that characterizes the dom-
inant input, storage, and abstraction processes 
at a monthly time step (Lutz et  al. 2010). We 
used this model to estimate monthly runoff and 
monthly actual evapotranspiration for each wet-
land following Appendix S1 in Lutz et al. (2010). 
We calculated the water balance for each year 
and carried December soil moisture and snow-
pack water content over to the following January, 
which allows for accumulation of water from the 
preceding calendar year. Although soil water 
capacity varies considerably in this region, we 
maintained a constant water-holding capacity at 
100 mm (Dingman 2002) for all wetlands to help 
isolate the signal generated from annual and 
spatial variation in climate drivers. On an annual 
basis, we assumed there is no appreciable change 
in soil moisture storage.

In its simplest form, the water balance equation 
is,

where P is annual precipitation (in mm), Ro is 
runoff (in mm), and AET is actual evapotrans-
piration (in mm). Precipitation (P) is the sum of 
daily Daymet grid cell precipitation. Runoff (Ro) 
is surplus water input after soil water-holding 
capacity is satisfied, and in this model, includes 
downward infiltration plus lateral interflow and 
surface runoff. Actual evapotranspiration (AET) 
is water that returns to the atmosphere via tran-
spiration and evaporation.

We hypothesized that snow melt runoff serves 
as the primary source of moisture filling high-
elevation wetlands (Corn 2005). Because snow 
may persist in higher elevation regions for longer 
periods, we estimated runoff annually for each 
site. In addition to the above, we also hypothe-
sized that precipitation and actual evapotranspi-
ration rates from April to June were most likely 
to affect wetland persistence during amphibian 
breeding, oviposition, and larval development 

(Murphy et al. 2010). Accordingly, we estimated 
precipitation and evapotranspiration totals using 
data from April to June each year.

Finally, we recognized that air temperature 
effects on wetlands and amphibians are complex 
but that growing season lengths are critically 
important to amphibians of this region (Murphy 
et al. 2010). At lower elevations, increased tem-
peratures are likely to increase evapotranspi-
ration rates and lead to wetland desiccation 
(McMenamin et al. 2008). Alternatively, increased 
temperatures could extend growing seasons, 
warm standing surface waters, and facilitate 
larval development at high-elevation wetlands 
(McCaffery and Maxell 2010). To capture varia-
tion in temperature across years and sites located 
within a climatologically heterogeneous land-
scape, we estimated annual cumulative grow-
ing degree-days (CGDD) for each site. Because 
amphibians in this region are physiologically 
active at temperatures above 0°C, we used this 
as our base temperature for estimating annual 
CGDD estimates.

Cumulative growing degree-days were calcu-
lated following McMaster and Wilhelm (1997) as

where Tmax is the daily maximum air tempera-
ture (°C), Tmin is daily minimum air temperature 
(°C), and Tbase  =  0°C is the temperature below 
which biological activity ceases.

Analysis
Because our primary goal was to determine 

whether incorporating climate-related drivers of 
wetland hydrology improved our ability to des
cribe breeding dynamics compared with habitat-
only models, we developed a small set of a priori 
models based upon habitat associations for each 
species as identified in recent analyses (Gould 
et  al. 2012, Hossack et  al. 2015). We modeled 
changes in breeding occupancy using the multis-
eason explicit dynamics model in program 
MARK (White and Burnham 1999). Occupancy in 
1 yr (initial occupancy) is the estimated probabil-
ity that breeding is present. Annual estimates of 
extinction (εt) and colonization (γt) in subsequent 
years describe the mechanistic processes that 

P = Ro + AET

CGDD=

(December 31)
∑

(January 1)

[

Tmax+Tmin

2

]

−Tbase,
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drive changes in system state (MacKenzie et  al. 
2006). Extinction is the probability that a site 
occupied (i.e., used for breeding) in 1 yr is unoc-
cupied (i.e., not used for breeding) the next year, 
whereas colonization is the probability that an 
unoccupied site in 1 yr is occupied the next year. 
Annual occupancy estimates (ψ̂i) are derived 
from the extinction and colonization probabili-
ties. Assumptions of this model include no 
changes in occupancy between surveys within 
years, proper identification of species, and no 
unmodeled heterogeneity in detection probabili-
ties among sites. We have confidence in the first 
two assumptions and have attempted to reduce 
violations of the third using covariates most per-
tinent to detection and presence of these species.

We first used a multistage modeling process in 
which we identified appropriate model structure 
for detection probability, followed by initial occu-
pancy before focusing on hypothesized drivers 
of colonization and extinction (Gould et al. 2012, 
Hossack et al. 2015). We modeled detection rates 
by iteratively fitting different combinations of 
habitat covariates and time structures (i.e., detec-
tion varied annually or was constant) while the 
dynamic parameters were held as time specific. 
Once the most supported detection parameter-
ization was determined for each species, we fit 
models to estimate initial occupancy for each 
species based on previously identified habitat 
associations. A small number of habitat covari-
ates for initial occupancy were specified a priori 
for each species, and we then fit different a priori 
combinations of the habitat covariates and cli-
mate variables to find the most parsimonious fit.

After determining the most supported model 
for describing detection and initial occupancy, we 
focused on how the four climate drivers (precip-
itation, runoff, evapotranspiration, and cumula-
tive growing degree-days) and their interactions 
with habitat affected the probability that a par-
ticular wetland was colonized or went extinct in 
a particular year. We developed 52 models that 
were functions of individual variables, combi-
nations of climate variables, or combinations of 
habitat, and climate variables. Collinearity was 
screened using cross-correlation in which vari-
ables with r > 0.60 were not included together in 
the same model (Dormann et al. 2013). In some 
cases, we emphasized interactions between the 
climate drivers and wetland area and depth 

because we expected these wetland characteris-
tics would be most responsive to annual varia-
tion in weather. In general, we consider these to 
represent two groups of models: one based on 
water yield (precipitation, runoff) and one based 
on water losses (evapotranspiration, CGDD).

For each model that contained an interactive 
effect of a climate driver and wetland depth 
or area, there was a similar model based only 
on additive effects (e.g., [runoff  +  depth  +  run-
off  ×  wetland depth] and [runoff  +  wetland 
depth]). To demonstrate the effects of multi-
ple covariates, we estimated occupancy and 
dynamic parameters based on three different 
wetland depths representing shallow (0.25  m), 
intermediate (0.75 m), and deep wetlands (2 m) 
within our sample frame. Approximately 70% of 
wetlands over the years were considered either 
shallow or intermediate in depth. Finally, we 
fit a model that considered completely random 
(non-Markovian) changes in breeding occupancy 
and a model that assumed wetland occupancy 
was static over seasons (εi  =  γi  =  0). All models 
were compared within an information theoretic 
framework (Burnham and Anderson 2002) using 
Akaike’s information criterion (Akaike 1973) 
adjusted for small sample size.

Results

Variations in climate drivers
Between 2006 and 2012, we conducted 2368 

surveys of 528 wetlands. Across all monitored 
wetlands, annual estimates of April to June pre-
cipitation varied greatly. For example, median 
precipitation was three times higher in 2011 than 
in 2007 (Fig. 2). Similarly, estimated runoff across 
the region was two times higher in 2011 than in 
2007. Across all sites, April to June evapotranspi-
ration estimates were lowest in 2011 and highest 
in 2006. In addition to yearly changes in climate 
drivers, within-year variation (exemplified by 
2007 estimates displayed in Fig.  1) among wet-
lands differed greatly for some drivers (e.g., 2010 
April to June evapotranspiration; Fig. 2).

Western tiger salamanders
For tiger salamanders, the best fitting model of 

detection rates was a time-varying model; detec-
tion probability ranged from 0.19 (SE  =  0.06) in 
2010 to 0.84 (SE = 0.07) in 2006. Initial occupancy 
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for tiger salamanders was higher for deeper sites 
(2 m) and at higher elevations, but was also nega-
tively associated with April to June precipitation. 
Precipitation was exchanged for runoff in the 
second-ranked model, but three of the four models 
with any weight favored precipitation (Table 1).

The top-ranked models for the dynamic 
parameters of salamanders all included depth 
and runoff as additive effects (Table 1) except for 
the third-ranked model, which included an inter-
action of depth and runoff. Because the interac-
tion term explained little additional variability, 
we considered it to be an uninformative parame-
ter (Arnold 2010) and based our inferences on the 
top-ranked model. There was a negative associ-
ation between extinction probability and depth, 
but only a weak positive association between 

depth and colonization. Counter to our expecta-
tions for salamanders, there was a notable pos-
itive association of extinction with runoff in all 
years across the region (Fig.  3). There was no 
association of colonization with runoff. Estimates 
of extinction probability varied greatly across 
years (e.g., 2006 to 2007 ε̂ = 0.224, SE = 0.073 vs. 
2010 to 2011 ε̂  =  0.747, SE  =  0.141). In contrast, 
colonization probabilities were low and varied 
little across years (e.g., 2006 to 2007 γ̂  =  0.016, 
SE = 0.005 vs. 2010 to 2011 γ̂ = 0.026, SE = 0.006).

Using mean values of covariates, occupancy 
estimates for salamanders were low (ψ̂ range: 
ψ̂ = 0.002, SE = 0.002 in 2006 to ψ̂ = 0.046, SE = 0.009 
in 2010; Fig. 4) and varied annually. Occupancy 
trends differed based on depth. In deep wet-
lands, average occupancy increased fourfold 

Fig. 2. Annual variation in climate drivers for all monitored wetlands within the study area. Summaries were 
generated from high-resolution spatially interpolated Daymet gridded climate data sets. Gridded (1 × 1 km grid 
cells) estimates of daily meteorological parameters (e.g., precipitation and temperature) were combined with a 
water balance model to estimate evapotranspiration (ET; mm) and runoff (mm) at the same scale. Variation in 
temperature across years and sites was expressed as annual cumulative growing degree-days (CGDD) for each 
site using 0°C as the base temperature.
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from 2006 (ψ̂ = 0.049, SE  =  0.043) to 2012 (ψ̂ = 
0.214, SE = 0.073; Fig. 5). In contrast, occupancy 
was relatively constant for shallow (0.25 m)- and 
intermediate (0.75 m)-depth wetlands over 7 yr 
(Fig. 5). Because the majority of monitored wet-
lands are < 2 m deep, the net result was only a 

slight increase in overall occupancy for salaman-
ders between 2006 and 2012.

Boreal chorus frogs
The top-ranked model indicated that detection 

varied annually and increased with the extent of 

Table 1. Top-ranked models used to estimate initial occupancy (Ψ), extinction (ε) and colonization (γ), and 
detection (p) for the western tiger salamander (Ambystoma mavortium), boreal chorus frog (Pseudacris maculata), 
and Columbia spotted frog (Rana luteiventris) in Grand Teton and Yellowstone National Parks.

Model AICc ΔAIC AICc weight Model likelihood No. parameters
Western tiger salamander
ψ̂ (depth + precip + elev) ε̂ (ro + depth)  

γ̂ (ro + depth)p(t)
964.45 0.00 0.596 1.000 17

ψ̂ (depth + ro + elev) ε̂ (ro + depth)  
γ̂ (ro + depth)p(t)

966.66 2.21 0.198 0.332 17

ψ̂ (depth + precip + elev)  
ε̂ (ro + depth + ro × depth)  
γ̂ (ro + depth + ro × depth)p(t)

967.81 3.35 0.111 0.187 19

ψ̂ (depth + precip + elev) ε̂ (precip 
+ depth) γ̂ (precip + depth)p(t)

969.08 4.62 0.059 0.099 17

Boreal chorus frog
ψ̂ (depth + veg + evap)  
ε̂ (evap + depth + veg)  
γ̂ (evap + depth + veg)p(t + veg)

2642.20 0.00 0.83795 1.0000 20

ψ̂ (depth + veg + evap) ε̂ (veg + evap + 
depth + evap × depth) γ̂ (veg + evap + 
depth + evap × depth)p(t + veg)

2645.48 3.29 0.16199 0.1933 22

Columbia spotted frog
ψ̂ (depth + cgdd + isol)  
ε̂ (ro + depth + ro × depth)  
γ̂ (ro + depth + ro × depth)p(t + veg)

1813.88 0.00 0.997 1.0000 20

Notes: Only models ∆AICc < 7 are shown. Abbreviations in models are as follows: precipitation (precip), elevation (elev), 
runoff (ro), time (t), emergent vegetation cover (veg), evapotranspiration (evap), cgdd (cumulative growing degree-days), and 
average distance from a site to all other wetlands in a catchment (isol).

Fig. 3. Western tiger salamander (Ambystoma mavortium) extinction rate summarized as a function of runoff 
in 2007. Solid line summarizes estimated extinction and dashed lines indicate 95% confidence interval.
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wetland vegetation. Detection probability for 
chorus frogs ranged from 0.60 (SE = 0.04) in 2010 
to 0.92 (SE = 0.03) in 2006, based on average vege-
tation cover of all monitored wetlands. Estimated 
initial occupancy was higher for deeper sites with 
more vegetation cover and was negatively related 
to evapotranspiration (Table 1).

The top-ranked models for the dynamic 
parameters included depth, vegetation cover, 
and evapotranspiration (Table 1). The interaction 

between depth and evapotranspiration in the 
second-ranked model explained little addi-
tional variance and was therefore considered to 
be uninformative (Arnold 2010) and resulted in 
inferences from the top-ranked model with addi-
tive effects. There was a strong negative associ-
ation of extinction probability and depth in dry 
(e.g., 2007) and wet (e.g., 2011) years (Fig.  6A, 
B) and a positive association of depth with col-
onization in most years. Chorus frog extinction 

Fig. 5. Estimated annual breeding occupancy (±SE) for the western tiger salamander (Ambystoma mavortium) 
summarized for three (0.25, 0.75, and 2.0 m) wetland depths.

Fig.  4. Annual breeding occupancy (± SE) estimates for all three amphibian species monitored in Grand 
Teton and Yellowstone National Parks. Estimates are derived from the top-ranked model for each species (see 
Table  1). Western tiger salamander (Ambystoma  mavortium) occupancy is shown in black, boreal chorus frog 
(Pseudacris maculata) in green, and Columbia spotted frog (Rana luteiventris) in red.
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Fig. 6. Estimated extinction probability for boreal chorus frog (Pseudacris maculata) in years 2007 (hot, dry 
year) and 2011 (cool, wet year) as a function of wetland depth (A and B), actual evapotranspiration (C and D), 
and estimated vegetation cover (E and F).
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increased with evapotranspiration in some years 
(e.g., 2007, Fig.  6C); this relationship was weak 
in 2011—the year with the lowest region-wide 
average evapotranspiration in our 7-yr record. 
Finally, extinction was lower in wetlands with 
extensive vegetation cover in dry years (Fig. 6E), 
but no association with vegetation in wet years 
(Fig. 6F). Overall, there was a positive association 
of colonization with vegetation cover.

Based on our top-ranked model (Table 1), esti-
mates of dynamic parameters for chorus frogs 
varied dramatically across years. Estimated 
extinction probabilities between dry years were 
as much as 25 times higher (2006 to 2007 ε̂ = 0.349, 
SE = 0.065) than the transition from a dry to wet 
year (e.g., 2007 to 2008 ε̂ = 0.014, SE = 0.009 and 
2010 to 2011 ε̂ = 0.013, SE = 0.008). Colonization 

rates were less responsive than extinction to 
changes in climate drivers (2006 to 2007 γ̂ = 0.036, 
SE = 0.008 vs. 2007 to 2008 γ̂ = 0.088, SE = 0.012).

Annual occupancy estimates for chorus frogs 
were much higher than the other wetland breed-
ing species and ranged from ψ̂ = 0.153 (SE = 0.019) 
in 2007 to ψ̂ = 0.353 (SE = 0.030; Fig. 4) in 2011, but 
responded annually to variable extinction and 
colonization rates. Colonization likely contrib-
uted disproportionately to annual occupancy in 
2008 and 2011, when April to June evapotrans-
piration rates were low. The reverse was true in 
2007 and 2012, when estimated evapotranspi-
ration rates were high. Annual occupancy esti-
mates also varied markedly by wetland depth. 
Occupancy increased from 2006 to 2012 for inter-
mediate (ψ̂ = 0.268, SE = 0.029 in 2006 to ψ̂ = 0.479, 

Fig. 7. Estimated extinction probability for Columbia spotted frog (Rana luteiventris) as a function of runoff 
in 2007 (hot, dry year; A) and 2011 (cool, wet year; B) and summarized for three (0.25, 0.75, and 2.0 m) wetland 
depths.
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SE = 0.040 in 2012) and deep (ψ̂ = 0.705, SE = 0.087 
in 2006 to ψ̂  =  0.926, SE  =  0.034 in 2012) wet-
lands, but was variable and lacked a detectable 
occupancy trend for shallow wetlands (total ψ̂ 
range: ψ̂ = 0.077, SE = 0.013 in 2007 to ψ̂ = 0.167, 
SE = 0.023 in 2011).

Columbia spotted frogs
The top-ranked detection model for the 

Columbia spotted frogs showed detection proba-
bility varied annually and increased with extent 
of wetland vegetation. Based on average vegeta-
tive cover, estimated detection probability ranged 

from 0.49 (SE = 0.05) in 2010 to 0.82 (SE = 0.04) in 
2006. Estimated initial occupancy was higher for 
deeper sites with higher CGDD and negatively 
related to wetland isolation. On average, wet-
lands that were isolated by ≥1.8  km had a less 
than 5% probability of being occupied by breed-
ing spotted frogs.

The top-ranked model for the dynamic param-
eters included depth, runoff, and their interaction 
(Table 1). There was a strong negative association 
of extinction probability with runoff and depth 
and a positive association of runoff and depth 
with colonization. As examples, in a dry year 

Fig. 8. Estimated occupancy rates for Columbia spotted frog (R. luteiventris) showing the interaction between 
wetland depth and runoff. Occupancy is summarized for three (0.25, 0.75, and 2.0 m) wetland depths. When 
runoff is held to (A) low levels (220 mm; 5th percentile of runoff levels of all site–year combinations) for 7 yr, 
occupancy estimates vary considerably by wetland depth and show declining or stable trends for deep and 
intermediate-depth wetlands. In contrast, occupancy estimates associated with (B) high runoff (900 mm; 95th 
percentile of runoff levels) suggest increasing trends in deep and intermediate-depth wetlands.
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(2007) and wet year (2011), extinction declined 
with increased runoff (Fig.  7A, B). However, 
increased runoff did not eliminate extinction 
risk in shallow wetlands (0.25 m depth) in 2007 
or 2011. In contrast, the probability of extinction 
approached zero in both intermediate and deep 
sites when runoff approached 800 and 400 mm, 
respectively.

Across all wetlands, net occupancy for spot-
ted frogs increased modestly between 2006 and 
2012 (Fig.  4). However, because of the variable 
extinction rates across wetland depths, spotted 
frog occupancy estimates also varied by wetland 
depth. In shallow wetlands, occupancy estimates 
declined from 2006 to 2012. Occupancy estimates 
for intermediate and deep wetlands increased 
modestly from 2006. The highest occupancy esti-
mates occurred in deep sites and ranged from 
ψ̂ = 0.520, SE = 0.111 in 2006 to ψ̂ = 0.672, SE = 0.084 in 
2012. To further examine the interaction between 
depth and runoff on spotted frog breeding occu-
pancy, we estimated annual breeding occupancy 
by wetland depth for two different runoff levels 
(220 and 900 mm) that approximate 5th and 95th 
percentiles of runoff levels of all site–year combi-
nations. At a runoff of 220 mm, estimated occu-
pancy was relatively low and remained constant 
in shallow- and intermediate-depth wetlands 
but was reduced by approximately half in deep 
wetlands (Fig. 8A). When annual occupancy was 
modeled using a runoff of 900  mm, estimated 
occupancy increased in intermediate and deep 
wetlands, but was low and remained constant in 
shallow wetlands (Fig. 8B).

Discussion

We show that occupancy dynamics of widely 
distributed amphibians are complex and vary 
with annual fluctuations and spatial variation in 
climate drivers (i.e., precipitation, runoff, and 
evapotranspiration). High-resolution climate 
data have been used to explain the complexity of 
climate–species interactions at local and regional 
scales (see Lutz et al. 2010); however, this work 
represents one of few attempts to blend local cli-
mate drivers with habitat data to model occu-
pancy dynamics of wetland-dependent species 
through space and time. For all three species 
examined, models incorporating local climate 
drivers outperformed models of amphibian 

breeding dynamics that were exclusively habitat 
based. Moreover, our multiyear monitoring data 
revealed that annual variation in climate drivers 
contributed most to variation in extinction rates, 
but little to colonization rates, and dispropor-
tionately influenced amphibian occupancy of 
wetlands. Interestingly, both the strength and 
direction of relationships between dynamic occu-
pancy parameters and climate drivers varied 
among species.

Over our time series, tiger salamander occu-
pancy was highest and extinction rates were 
lowest in deep wetlands. In Grand Teton and 
Yellowstone National Parks, deep, permanent 
wetlands support both metamorphic and pae-
domorphic individuals, and larvae in these wet-
lands reach larger sizes than larvae in ephemeral 
wetlands (McMenamin and Hadly 2010). Given 
the potential fitness costs associated with sal-
amander use of ephemeral sites and that pre-
mature drying increases variability in larval 
survival (Church et  al. 2007), higher occupancy 
and reduced extinction levels in deeper wetlands 
were not unexpected. More surprising was our 
finding that salamander extinction rates were 
consistently high, but positively associated with 
runoff across years. We suspect the positive 
relationship between extinction and runoff may 
reflect a predictable relationship of increased 
runoff at high elevations (positive in all years). 
In montane environments, high-runoff years 
are typically associated with large snowpacks, 
abbreviated growing seasons, cold summer 
water temperatures, and delayed breeding. Over 
a 20-yr study, a high-elevation (elevation 3500 m) 
population of Arizona tiger salamanders (A. 
tigrinum nebulosum) exhibited large interannual 
population fluctuations. Importantly, these high-
elevation populations periodically experienced 
large winter mortality events (both paedomor-
phic and overwintering larvae) after prolonged 
winters with large snowpacks (Whiteman and 
Wissinger 2005). The 2007/2008 and 2010/2011 
winters in Grand Teton and Yellowstone Nat
ional Parks that produced the greatest runoff 
in our time series also had the largest April 1 
snowpacks; these same years corresponded with 
years with the highest estimates of extinction 
for salamanders. We suspect some combination 
of factors (e.g., winter mortality combined with 
reduced number of breeding females) described 
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above could have contributed to the higher 
extinction rates documented during years with 
large snowpacks and high runoff.

For Columbia spotted frogs, a widely dis-
tributed species that has declined significantly 
over parts of its range (Hossack et al. 2013), the 
effects of runoff on extinction included an inter-
action with wetland depth. This interaction 
demonstrated high extinction rates in shallow 
wetlands at all runoff levels, but that high run-
off can reduce or even eliminate extinction in 
intermediate and deep wetlands. In the western 
United States, the hydroperiods of larger and 
deeper wetlands are less sensitive to annual vari-
ations in meteorological conditions and are able 
to withstand extended periods of drought better 
than shallower wetlands (Hossack et al. 2013, Lee 
et  al. 2015). Within Yellowstone National Park, 
loss of wetlands has been well documented over 
the last several decades. Despite these losses, 
deeper groundwater- or surface water-connected 
wetlands with relatively stable water levels have 
persisted (Schook and Cooper 2014). Our multi-
year results from Grand Teton and Yellowstone 
National Parks show that spotted frog occu-
pancy in deep and intermediate wetlands was 
7.5 and 2.5 times higher than shallow wetlands. 
Given the extended development window for 
this species (time to metamorphosis is approxi-
mately three months), it is not uncommon in dry 
years for shallower ponds to dry prior to meta-
morphosis (Turner 1958, 1960). Spotted frogs 
exhibit strong fidelity to breeding sites (Pilliod 
et al. 2002), so multiple years of pond drying can 
severely depress local and regional recruitment 
levels (Turner 1960). Here, we show that spotted 
frog occupancy in deep ponds increased over 
our time series. Hossack et al. (2013) showed that 
across the species’ range, annual growth rates for 
spotted frogs were higher for large water bodies 
than for small water bodies. Similarly, Arkle and 
Pilliod (2015) showed that spotted frog occu-
pancy was positively associated with waterbody 
depth in the Great Basin. Interestingly, when 
we imposed 7  yr of low runoff on spotted frog 
breeding occupancy, 40% declines in spotted 
frog occupancy were projected even within deep 
wetlands. This magnitude of decline has been 
documented elsewhere within the species range 
(Pilliod and Scherer 2015) and confirms that mul-
tiyear drought cuts across wetland differences in 

depth and contributes to increases in extinction 
rates even within protected areas.

Higher evapotranspiration rates and shallower 
depths corresponded with lower initial occu-
pancy, higher extinction, and lower colonization 
rates for boreal chorus frogs. In this region, chorus 
frogs (more than the other native species) rely on 
shallow or ephemeral wetland habitats for breed-
ing (Koch and Peterson 1995). Therefore, higher 
evapotranspiration rates would disproportion-
ately affect chorus frogs occupying ephemeral 
compared with permanent wetlands. Amburgey 
et  al. (2012) showed that chorus frog tadpoles 
from permanent ponds metamorphosed faster 
than those in ephemeral ponds. These counterin-
tuitive results show that ecological responses to 
multiple and potentially interacting factors such 
as desiccation risk, predators, and food resources 
are complex (e.g., Newman 1992). Notably, the 
highest extinction estimates and the lowest esti-
mate of chorus frog breeding occupancy in our 
time series occurred in 2007, when more than 
40% of surveyed wetlands were dry. In Grand 
Teton and Yellowstone National Parks, 2007 was 
the driest year between 2000 and 2012 and April 
to June evapotranspiration exceeded precipita-
tion totals. Regional April to June evapotrans-
piration estimates in 2012 were similar to 2007; 
however, the precipitation totals were higher 
and, interestingly, extinction rates were below 
that documented in 2007.

Although not formally evaluated here, anteced-
ent weather conditions contribute to regional soil 
moisture levels (Gleick 1986) and may influence 
current year wetland condition (Lee et  al. 2015) 
and amphibian breeding dynamics (Church et al. 
2007, Hossack et al. 2013). Wetland conditions and 
breeding dynamics in 2012 followed a cool wet 
year in 2011, whereas 2007 followed an equally 
hot 2006. Moreover, all years between 2000 and 
2005 had relatively high April to June evapo-
transpiration levels (median evapotranspiration ~ 
120.0 mm) that most likely contributed to a severe 
water deficit (sensu Brooks 2004) and manifested 
in the dry conditions observed in 2007. A string 
of dry years, like those experienced between 2000 
and 2005, may have large cumulative impacts on 
species like chorus frogs that rely upon consistent 
recruitment for maintaining stable population 
growth. This hypothesis might shed new light 
on amphibian declines reported in Yellowstone’s 
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northern range. For example, our results show 
that colonization and extinction rates for chorus 
frogs—the species that likely matures the ear-
liest and has the shortest life span—were more 
responsive to annual and spatial variations in cli-
mate drivers than western tiger salamanders or 
Columbia spotted frogs. These results suggest that 
prolonged drought created by consecutive hot, 
dry years may have contributed to high extinc-
tion rates over multiple years and, ultimately, the 
decline of chorus frogs reported by McMenamin 
et al. (2008) in Yellowstone’s Lamar Valley.

All three widespread amphibian species of 
Grand Teton and Yellowstone National Parks had 
lower extinction rates, higher occupancy rates, 
and more positive occupancy trends in deep wet-
lands. These findings are consistent with work 
of others (Loman and Andersson 2007, Karraker 
and Gibbs 2009, Hossack et  al. 2013, Anderson 
et  al. 2015, Arkle and Pilliod 2015) and confirm 
that deep, fishless permanent wetlands provide 
habitat for the largest range of amphibian spe-
cies and life histories (Ryan et  al. 2014). These 
findings, however, must also be considered 
along with projections of increased climate vari-
ability (Easterling 2000). In multispecies assem-
blages, climate-driven variation to wetlands may 
be more beneficial to some amphibian species 
than others as the mosaic of available habitats 
shifts from highly connected deep wetlands to 
a preponderance of isolated, ephemeral habi-
tats (Funk et al. 2005, Werner et al. 2009). Other 
multiyear amphibian data sets demonstrate that 
shallow and intermediate ponds may not sup-
port the highest occupancy estimates overall, but 
play a vital role in stabilizing amphibian popu-
lations under certain meteorological conditions 
(Maret et al. 2006, Skidds et al. 2007, Werner et al. 
2009, McCaffery et  al. 2014). In fact, in a com-
plex of montane wetlands, population growth 
rates for Columbia spotted frogs were highest 
in intermediate-depth, semipermanent wetlands 
(McCaffery et  al. 2014). Similarly, Cayuela et  al. 
(2012) showed that reproduction was high and 
constant in wetlands with an intermediate hydro-
period relative to permanent wetlands or shallow, 
ephemeral wetlands. Taken together, a portfolio 
of wetland depths and types embedded within a 
heterogeneous, protected landscape will be nec-
essary to conserve amphibian populations in a 
changing climate.

Across much of the western United States, 
increasing temperatures and declining snow-
packs have resulted in increased evapotranspi-
ration rates and declines in runoff (Mote 2006, 
Hamlet et al. 2007, Pederson et al. 2011b). These 
changes could eliminate many shallow wetlands, 
produce fewer permanent wetlands, and further 
limit the distribution of amphibians and other 
wetland-dependent species (Ryan et al. 2014, Lee 
et al. 2015). Periods of elevated temperatures and 
reduced precipitation can negatively influence 
breeding probability and survival of amphib-
ians (Church et  al. 2007, Cayuela et  al. 2014). 
Multiyear droughts also strongly influenced 
occupancy levels and local extinction dynam-
ics (Walls et al. 2013, Anderson et al. 2015) and 
reportedly contributed to genetic bottlenecks 
in salamander populations (Spear et  al. 2006). 
In addition, variations in climate drivers have 
been used to explain annual dynamics in breed-
ing probability, recruitment, and survival within 
(Cayuela et al. 2016) and among amphibian spe-
cies (Werner et al. 2009).

Anticipated future change in temperature, evap
otranspiration, snowpack, and runoff suggest 
drought in the western United States will become 
increasingly common and potentially more severe 
(Ault et  al. 2014). These predictions portend dif-
ficult times for amphibians and other wetland-
dependent species. The cumulative impacts of 
sustained drought are predicted to be experi-
enced disproportionately by species that depend 
on ephemeral wetlands and on species with 
short life spans (i.e., annual plants, insects, and 
some amphibians [e.g., boreal chorus frogs in our 
region]). Species with short life spans likely rely 
upon consistent recruitment for maintaining stable 
population growth (Morris et al. 2008). In contrast, 
longer-lived species that can better persist through 
hard times (i.e., perennial plants, birds, long-lived 
amphibians [e.g., Columbia spotted frogs and 
western tiger salamanders in our region]) may be 
able to avoid breeding and other costly behavior 
when drought or other unfavorable conditions are 
present (Church et  al. 2007, Cayuela et  al. 2014). 
Lastly, drought conditions can also disproportion-
ately affect larval survival and juvenile survival 
(Cayuela et  al. 2016). Our findings clearly link 
amphibian breeding extinction and colonization 
rates to variability in climate drivers and offer 
valuable insight into how wetland species with 
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differing life histories may respond to future cli-
mate change (sensu Morris et al. 2008).

Conservation implications for the  
National Park Service

The overriding effects of climate change on 
wetlands and wetland-dependent species are 
beginning to attract the attention of scientists and 
policymakers (Erwin 2009). Long-term data sets 
from the National Park Service and other federal 
partners will be crucial to evaluate the risk of loss 
and to contemplate future mitigation measures 
(Hossack et  al. 2013, Anderson et  al. 2015). In 
Grand Teton and Yellowstone National Parks, 
climate trends are contributing to an earlier onset 
of spring, increasing temperatures (Sepulveda 
et al. 2015), and decreases in the number of frost 
days (Pederson et al. 2011a). These changes have 
already altered the timing and magnitude of 
wetland-filling flooding events (e.g., snowmelt 
and runoff) and contributed to altered hydrolog-
ical regimes, including the complete drying of 
shallow wetlands (McMenamin et  al. 2008, 
Schook and Cooper 2014). Shortened hydroperi-
ods can produce wetlands that are unable to sup-
port larval development and metamorphosis and 
contribute to declines of amphibians and other 
wetland-dependent species (Daszak et  al. 2005, 
Walls et al. 2013, Ryan et al. 2014).

Species-specific responses to climate change 
should be anticipated. For example, tiger salaman-
ders in Grand Teton and Yellowstone National 
Parks may shift toward increased rates of meta-
morphic vs. paedomorphic individuals (Semlitsch 
1987, Bruzgul et al. 2005). Spotted frogs and chorus 
frogs may exhibit a greater dependence on per-
manent water bodies. All three species may breed 
earlier (Corn 2005) and use previously snow-
covered breeding sites at higher elevations (Ryan 
et al. 2014). There is observational support for this 
latter strategy as many of these widespread spe-
cies already occupy wetlands at higher elevations 
in the southern parts of their range (Hossack et al. 
2015). Unfortunately, upslope migration may be 
limited by reduced available area of shallow, high-
productivity habitats or small lakes that are free 
of fish predators (Ryan et al. 2014). High-elevation 
sites in this region may also become increasingly 
susceptible to “false springs” (Augspurger 2013). 
Over the last 50 yr, late winter and early spring 
periods in this region have experienced the 

greatest warming (Sepulveda et al. 2015). With the 
earlier onset of spring, amphibian breeding com-
mences earlier, and resulting egg masses have a 
higher risk of freezing (Corn 2005).

At lower elevations, larvae of some amphibian 
species might adjust to or compensate for chang-
ing hydroperiods by accelerating growth or 
development, but this could come at the expense 
of reduced size at metamorphosis, heightened 
susceptibility to diseases, and lower fitness 
(Denver 1997, Gervasi and Foufopoulos 2008, 
McMenamin and Hadly 2010). Furthermore, 
adjusting to shortened hydroperiods through 
plastic growth and development may not be 
possible for all species that breed in shallow, 
temporary wetlands; some species are already 
at or near maximum physiological capacities 
(McMenamin and Hadly 2010, Richter-Boix et al. 
2011, Amburgey et al. 2012). Species-specific abil-
ities to respond to changes in the onset of ice-off 
or changes in hydroperiod make it more difficult 
to predict which populations or species will be 
able to respond to future climate change.

Wetland and amphibian monitoring pro-
grams are underway in national parks across the 
country. To date, the National Park Service has 
reported > 225 amphibian species on 286 park 
units (NPS 2015). In addition, seven of 32 NPS 
Inventory and Monitoring programs actively 
monitor amphibians as part of their vital sign 
monitoring campaigns. Collectively, these long-
term monitoring programs can address land
scape-scale dynamics and climate influences 
that are rarely studied (Jones 2011). Through 
the next century, robust, long-term monitoring 
data sets will provide critical information on 
the status and trends of amphibians and other 
wetland-dependent species on NPS lands. Long-
term monitoring programs will be necessary to 
inform managers of documented change and to 
describe the efficacy of restoration activities such 
as reconnecting wetlands, removing non-native 
species, or the landscape-level effects of climate 
and emerging disease.
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