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Abstract. Understanding how natural and anthropogenic processes affect population
dynamics of species with patchy distributions is critical to predicting their responses to envi-
ronmental changes. Despite considerable evidence that demographic rates and dispersal pat-
terns vary temporally in response to an array of biotic and abiotic processes, few applications
of metapopulation theory have sought to explore factors that explain spatiotemporal variation
in extinction or colonization rates. To facilitate exploring these factors, we extended a spatially
explicit model of metapopulation dynamics to create a framework that requires only binary
presence–absence data, makes few assumptions about the dispersal process, and accounts for
imperfect detection. We apply this framework to 22 yr of biannual survey data for lowland
leopard frogs, Lithobates yavapaiensis, an amphibian that inhabits arid stream systems in the
southwestern United States and northern Mexico. Our results highlight the importance of
accounting for factors that govern temporal variation in transition probabilities, as both
extinction and colonization rates varied with hydrologic conditions. Specifically, local extinc-
tions were more frequent during drought periods, particularly at sites without reliable surface
water. Colonization rates increased when larval and dispersal periods were wetter than normal,
which increased the probability that potential emigrants metamorphosed and reached neigh-
boring sites. Extirpation of frogs from all sites in one watershed during a period of severe
drought demonstrated the influence of site-level features, as frogs persisted only in areas where
most sites held water consistently and where the amount of sediment deposited from high-ele-
vation wildfires was low. Application of our model provided novel insights into how climate-
related processes affected the distribution and population dynamics of an arid-land amphibian.
The approach we describe has application to a wide array of species that inhabit patchy envi-
ronments, can improve our understanding of factors that govern metapopulation dynamics,
and can inform strategies for conservation of imperiled species.

Key words: Bayesian state-space model; climate; colonization; extinction; Lithobates yavapaiensis;
lowland leopard frog; metapopulation dynamics; sedimentation; stream network.

INTRODUCTION

Ongoing and anticipated changes in climate, distur-
bance regimes, and land use are expected to influence
the distributions of many species (Parmesan 2006,
Ehrl�en and Morris 2015). Effects of climate change
might be particularly important, as distributional limits
often have a direct physiological basis defined by a spe-
cies’ tolerance to climatic conditions (Gaston 2003).

Changes in climate also might induce distributional
shifts indirectly by altering distributions of predators
and competitors and the quantity and quality of habitat
available to species (Gaston 2003). Numerous studies
have evaluated whether recent, rapid changes in climate
have contracted or expanded the limits of species’ distri-
butions (Parmesan et al. 1999, Thomas and Lennon
1999, Parmesan 2006, Chen et al. 2011), but climate
impacts may not be limited to range margins, especially
if habitat for a species is discontinuous (Stewart et al.
2017). Identifying processes associated with changes in
distributions of species that inhabit patchy environments
can be especially challenging, particularly in dynamic
systems (Hodgson et al. 2009, Miller et al. 2012). If
these environments are surveyed consistently for long
periods, however, extirpation and colonization events
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can be linked more directly to climate, disturbances, or
other temporal processes through a metapopulation
framework (Yackulic et al. 2015). This information can
then be used to predict species responses to future envi-
ronmental changes, which provides a foundation to
inform conservation strategies for imperiled species that
depend on patchy resources in dynamic environments.
Approaches for exploring dynamics of metapopula-

tions have evolved considerably since Levins (1969)
introduced the first deterministic, nonspatial models.
Most contemporary approaches treat site occupancy as
a stochastic process, where the current occupancy state
of a site depends on occupancy at the previous time step
and extinction and colonization (i.e., transition) proba-
bilities. Approaches that are spatially explicit better
reflect metapopulation theory by allowing transition
probabilities to vary with the spatial arrangement of
sites and dispersal capabilities of the target species
through an incidence function (Hanski et al. 1996,
Hanski 1999, Risk et al. 2011) or by integrating other
measures of connectivity (Franken and Hik 2004, Heard
et al. 2013, Sutherland et al. 2014). A number of recent
spatial models incorporate a state-space approach to
overcome the limitations of imperfect surveys (Bled
et al. 2011, Yackulic et al. 2012, Heard et al. 2013,
Sutherland et al. 2014, Chandler et al. 2015, Broms
et al. 2016). Most frequently, these spatial models have
been used to (1) estimate site-specific rates of extinction,
colonization, or turnover, (2) assess metapopulation via-
bility, and (3) evaluate whether observed distributional
dynamics of species match theoretical expectations.
Rarely, however, have studies explored temporal varia-
tion in extinction and colonization probabilities, despite
substantial evidence that demographic rates and disper-
sal behaviors vary temporally in response to an array of
biotic and abiotic processes (e.g., O’Brien et al. 2003,
Robinson et al. 2007, Knowlton and Graham 2010).
Even when long-term data are available, temporal effects
are seldom explored because existing models (1) assume
that dynamic parameters remain constant over time or
vary only with patch area or degree of connectivity (Risk
et al. 2011, Chandler et al. 2015), (2) require supplemen-
tary demographic data (Harrison et al. 2011, Heard
et al. 2013, Sutherland et al. 2014), or (3) make assump-
tions about dispersal processes that may not hold for all
species (Bled et al. 2011, Yackulic et al. 2012, Eaton
et al. 2014, Broms et al. 2016). Given ongoing and rapid
changes in climate and land use, however, accounting for
temporal variation in dynamic parameters can help to
refine models of metapopulation dynamics and increase
the reliability of predictions about future system states.
Recently, Chandler et al. (2015) developed a spatially

explicit occupancy model to describe metapopulation
dynamics of a desert-breeding amphibian following its
reintroduction. This model allowed for inferences about
metapopulation extinction risk and connectivity while
accounting for imperfect surveys, but assumed time-
invariant rates of local extinction and colonization. Here,

we extend this model to account for uncertainty in initial
occupancy states, and more importantly, to allow extinc-
tion and colonization probabilities to vary over both
space and time as a function of environmental covariates.
We apply the model to 22 yr of biannual survey data for
lowland leopard frogs (Lithobates yavapaiensis), a species
of conservation concern in the southwestern United
States and northern Mexico (Sredl et al. 1997). In south-
eastern Arizona, lowland leopard frogs primarily inhabit
stream reaches in arid mountain canyons, environments
that are rare on the landscape, highly dynamic, and likely
to change in response to anticipated shifts in climate and
other anthropogenic threats (Grimm and Fisher 1992,
Sredl 2005, Wallace et al. 2010, Jaeger et al. 2014).
Although abundance of lowland leopard frogs fluctuates
in response to hydrologic conditions (Zylstra et al. 2015),
there is growing evidence of systematic declines and extir-
pations in populations across this region (Sredl et al.
1997, Witte et al. 2008, Savage et al. 2011). Identifying
factors associated with these declines is a conservation
priority and can provide insight into the dynamics of this
and other sensitive species that depend on surface water
in arid mountain systems.
The objectives of our paper are three-fold. First, we

present a hierarchical, spatially explicit framework for
metapopulations to explore spatial and temporal varia-
tion in transition probabilities. This framework requires
only binary data and relies on few assumptions about
the dispersal process. Second, we illustrate this approach
using long-term survey data for lowland leopard frogs to
evaluate how extinction and colonization rates varied
over time. This case study highlights the value of bian-
nual surveys that allowed us to assess the relative influ-
ence of multiple threats that might vary seasonally.
Third, we use simulations to forecast metapopulation
dynamics of lowland leopard frogs under a range of cli-
mate scenarios, demonstrating how the framework can
be used to assess probability of metapopulation persis-
tence over the long term. We also provide computer code
needed to run the model, with notes about potential
modifications or extensions to facilitate application to
other species and ecosystems.

METHODS

Study area

We studied population dynamics of lowland leopard
frogs in the Madrean Sky Island region of southeastern
Arizona, where isolated mountain ranges are separated
by large expanses of desert and semi-desert grasslands.
We surveyed frogs in the Rincon Mountains, much of
which lies within the boundaries of Saguaro National
Park, east of Tucson, Arizona. The Rincon Mountains
range from 900 m to 2,640 m elevation and encompass
at least four distinct vegetation communities that range
from Sonoran desert scrub to mixed-conifer forests
(Brown 1982, Bowers and McLaughlin 1987). The area
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is bisected by a ridge formation that runs southwest to
northeast with deeply incised canyons forming the head-
waters of two watersheds, one north and one south of
the ridge (Valentine-Darby et al. 2017). The landscape
outside of these canyons is arid, particularly below
1,500 m elevation, where there is little to no surface
water. Flow in most stream reaches is intermittent, with
seasonal variation reflecting a bimodal pattern of annual
precipitation (300–700 mm/yr, depending on elevation;
Brown 1982, Bowers and McLaughlin 1987). In winter
(December–April), pools are often connected by contin-
uous flow produced by widespread cool-season rains
whereas in late spring (May–June) and fall (October–
November), channels between pools dry frequently
(Grimm and Fisher 1992, Wallace et al. 2010). During
monsoon season (July–September), localized, high-
intensity storms can trigger sporadic flash floods.
Because lowland leopard frogs in the Sky Island region
inhabit low-order streams below approximately 1,400 m

elevation, we restricted surveys to canyon reaches at
middle elevations (870–1,370 m), where pools are associ-
ated frequently with bedrock outcroppings. Most pools
are <2 m deep with surface areas 3–12 m2 and have lim-
ited soil-bank development (Wallace et al. 2010).

Field surveys

We surveyed leopard frogs in eight canyons, four in the
northern watershed and four in the southern watershed
(Fig. 1). Canyons contained 213 pools that were likely to
contain water much of the year and provide habitat for
frogs. Between May 1996 and June 2017, we surveyed
streams when they typically were not flowing, in both
spring (16 May–15 July) and fall (1 October–30
November), which we defined as sampling periods
(n = 43; Fig. 2). Each stream reach was surveyed 0–13
times per sampling period by one to four observers, at
least one of which had surveyed these canyons for

FIG. 1. Maps of pool complexes surveyed for lowland leopard frogs in two watersheds (North, South) in the Rincon Moun-
tains. Each black dot represents the approximate midpoint of a pool complex. Areas above 1,370 m elevation are shaded gray.
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leopard frogs previously. Observers followed standard
protocols for diurnal visual encounter surveys (VES; Zyl-
stra et al. 2015), and at each pool recorded whether water
was present and whether they observed ≥1 post-meta-
morphic (i.e., juvenile or adult) lowland leopard frog.
Although surveyors recorded observations of leopard

frogs at each pool, many pools were in close proximity
and did not function as independent habitat patches.
Therefore, we aggregated data among pools <150 m
apart (stream distance) and refer to these aggregations
as pool complexes. We delineated pool complexes based
on the expectation that when streams were not flowing
(i.e., during spring and fall sampling periods) frogs were
unlikely to move among complexes. This resulted in 55
pool complexes, 32 in the northern watershed and 23 in
the southern watershed, which encompassed most, if not
all, of the high quality habitat available to leopard frogs
in the eight canyons. In most instances, all pools in a
complex were surveyed in a single day. Occasionally,
however, surveys of large complexes (eight or more
pools) spanned two days within a five-day period; we
considered these as one survey in our analyses.

Occupancy model

We extended the spatially explicit dynamic occupancy
model of Chandler et al. (2015) to allow extinction and
colonization probabilities to vary over space and time as
a function of environmental covariates. We used a state-
space formulation, with variation in survey data decom-
posed into a state or ecological process (here, occupancy
of frogs over time and space) and an observation process
(Royle and K�ery 2007). Survey data consisted of yi,k,t = 1
if observers detected ≥1 leopard frog or yi,k,t = 0 if obser-
vers detected no frogs at pool complex i (i = 1, . . ., 55

sites) on survey k (k = 1, . . ., 13) in sampling period t
(t = 1, . . ., 43). We assumed closure within sampling
periods and allowed occupancy to vary between spring
and fall sampling periods (i.e., during summer and win-
ter seasons; Fig. 2). We considered the ecological pro-
cess to be Markovian, with occupancy after the first
sampling period conditional on occupancy in the previ-
ous sampling period. Our model consisted of two
dynamic parameters, the probability of colonization if
the site was unoccupied previously (c) and probability of
persistence (φ) if the site was occupied previously. Unlike
the model of Chandler et al. (2015), we modeled the true
occupancy state of site i in the first sampling period, zi,1,
as a Bernoulli random variable with probability of initial
occupancy, wi;1: zi;1 � Bernoulli wi;1

� �
. We modeled

occupancy in subsequent sampling periods as:

zi;tþ1jzi;t � Bernoulli ci;t 1� zi;t
� �þ /i;tzi;t

� �
(1)

where ci;t is the probability that an unoccupied site was
colonized between time t and t + 1 and /i;t is the proba-
bility an occupied site remained occupied between t and
t + 1.
Consistent with metapopulation theory (Hanski

1999), we allowed colonization and persistence probabil-
ities to vary with proximity to other occupied sites. We
began by modeling pairwise colonization probabilities,
defined as the probability that site i was colonized by at
least one individual from site j between sampling period
t and t + 1, di,j,t:

di;j;t ¼ dB;i;texp �d2
i;j= 2h2

� �� �
zj;t (2)

where dB;i;t is the “baseline” colonization probability for
sites coincident to site i, di,j is the distance between sites,

FIG. 2. A timeline illustrating relationships among sampling periods, seasons, and periods when we measured covariates. For
simplicity, we illustrate these relationships from January 1996 to May 1997, a period that encompasses only the first 2 of 43 sam-
pling periods in the 22-yr study. Each box represents an approximate 15-d period (i.e., the first or second half of each month). We
surveyed for post-metamorphic leopard frogs during spring and fall sampling periods (shaded green and yellow, respectively), and
assumed colonization and extinction events occurred during the intervening summer and winter seasons (red and blue, respectively).
We related extinction probabilities (Ext) in summer and winter to Palmer Drought Severity Index averaged over the preceding six-
month period (6mo.PDSI; shaded to correspond with associated season). We related colonization probabilities (Col) during summer
and winter to current precipitation (precip) and to drought indices averaged over the eight-month period leading up to and includ-
ing when the most recent cohort of newly transformed juveniles emerged (JA.PDSI).
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and h is the scale parameter in a Gaussian dispersal ker-
nel governing how colonization probability decreases
with distance (Chandler et al. 2015). Most metapopula-
tion models use Euclidian distances to approximate the
minimum distance individuals must travel to colonize a
neighboring site. If movements of individuals between
sites are unlikely to follow straight-line paths, however,
other distance measures may be more appropriate. Simi-
lar to many dendritic stream networks, we expected arid-
ity, landscape structure, and topography to constrain
movements of lowland leopard frogs among sites. Specif-
ically, we assumed that high-elevation ridges and ephem-
eral flow of valley-bottom streams would prevent frogs
from moving between watersheds, and therefore
delineated two metapopulations based on watershed
boundaries. For sites in the same canyon that were flow-
connected (sensu Peterson et al. 2013), we used stream
distances instead of Euclidean distances, as this likely
reflected how frogs move within canyons. For sites in the
same watershed that were not flow-connected, we used
minimum out-of-stream distances after restricting move-
ment paths to areas below 1,370 m, which is the approxi-
mate upper elevational limit for the species in the region
(Wallace et al. 2010). Most out-of-stream distances were
considerably greater than stream distances between sites
that were flow connected (Fig. 1). We explored alterna-
tive approaches for computing pairwise distances (e.g.,
stream distances only, out-of-stream distances only), but
found that inferences about metapopulation dynamics
were similar regardless of how we specified distances.
After defining pairwise colonization probabilities, we

calculated the cumulative probability that site i was colo-
nized between sampling period t and t + 1 as

ci;t ¼ 1�
YNi

j¼1

1� di;j;t

( )
(3)

where Ni is the number of other sites in the same water-
shed as site i. We allowed for the possibility that sites
could go extinct and be recolonized between consecutive
sampling periods (i.e., a pseudo-rescue effect; Hanski
1999, Sutherland et al. 2014, Chandler et al. 2015):
/i;t ¼ 1� ei;t 1� ci;t

� �
, where ei,t is the probability that

site i goes extinct between sampling period t and t + 1.
Finally, we modeled the observation process sepa-

rately from ecological processes because observers may
fail to detect frogs when a site is truly occupied (Royle
and K�ery 2007, Zylstra et al. 2015). Because we assumed
changes in occupancy would occur only between sam-
pling periods, multiple surveys of a site within a sam-
pling period allowed us to estimate detection probability
(p) or the probability of detecting ≥1 post-metamorphic
frogs if the site is occupied. We assumed a Bernoulli
distribution for detection–nondetection data: yi;k;t �
Bernoulli zi;t � pi;k;t

� �
.

We modeled extinction and baseline colonization
probabilities (ei,t and dB,i,t), as well as initial occupancy
and detection probabilities (wi and pi,k,t), as logit-linear

functions of site-, season- and survey-level covariates.
We used the same general structure for each linear
model, where probability on the logit scale was modeled
as a function of an intercept (a) and a set of fixed effects
(b) describing the relationship between covariates (X)
and probability of extinction, colonization, initial occu-
pancy, or detection probability (e.g., logit wið Þ ¼ awþ
Xibw). We standardized all continuous covariates prior
to analysis. In the following sections, we describe rele-
vant covariates and specify the linear model for each
parameter.

Environmental covariates

Site-level covariates.—For each complex (i.e., site), we
determined the number of pools (npools) and mean ele-
vation (elev) across pools. We estimated the area of each
basin that drained into the lowest-elevation pool in each
complex (area) using hydrology tools in ArcGIS 10.1
(ESRI, Redlands, California, USA). Reliability of sur-
face water in canyons is governed by several factors,
including pool depth and groundwater connectivity
(Valentine-Darby et al. 2017). Because these measures
were not available for all pool complexes, we used infor-
mation on water availability collected during VES sur-
veys to create an index of water reliability for each site
across the 22-yr study period. We determined the num-
ber of sampling periods each pool was surveyed at least
once and calculated the proportion of those sampling
periods during which the pool did not go dry. We then
used the maximum value among pools within each com-
plex as an index of surface-water reliability (reliability).
This resulted in potential values of surface-water reliabil-
ity that ranged from 0 (all pools in a complex went dry
during every sampling period the complex was surveyed)
to 1 (at least one pool in a complex always held water).

Season-level covariates.—We identified a number of
time-varying factors with potential to explain changes in
site occupancy during summer and winter seasons. Wild-
fire and subsequent erosion can fill pools with sediment,
decreasing their capacity to hold water for months to
decades after a fire, which can influence colonization
and extinction rates (Parker 2006). We created a discrete
index of sediment levels in each of eight canyons over
time (sediment) based on repeated measurements of sed-
iment volume from 24 pools (0–7 pools/canyon), data
collected during VES surveys, and descriptions of sedi-
ment levels in one canyon from a study of wildfire in the
Rincon Mountains (Parker 2006). For each summer and
winter season, we assigned all complexes within a can-
yon the same sediment value. We classified sediment
levels as low (sediment = 0) when either mean sediment
volume for measured pools was <25% of pool volume,
or, for those canyons where sediment volume was not
quantified, <20% of the watershed had burned in the
preceding 10 yr (Parker 2006). We classified sediment
levels as moderate (sediment = 1) when mean sediment
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volume of pools was approximately 25–50% and high
(sediment = 2) when mean sediment volume was ≥50%.
We expected that colonization and extinction probabili-

ties might vary over time in response to weather and its
effects on surface-water availability. Specifically, we
hypothesized that drought could increase extinction prob-
abilities by decreasing the amount of surface water avail-
able for frogs, particularly at the beginning of summer
and winter seasons. We estimated the effect of drought
for each canyon using downscaled, monthly measures of
Palmer Drought Severity Index (PDSI) between 1996 and
2017 (Abatzoglou et al. 2017; data available online).7 For
each summer (July–September) and winter (December–
May), we calculated mean PDSI during the preceding six-
month period (January–June and June–November,
respectively; 6mo.PDSI; Fig. 2) because this measure was
associated with surface-water availability at the end of
spring and fall sampling periods (Appendix S1).
We expected that weather might affect colonization

probabilities in two ways: (1) drought could reduce the
number of juveniles available to colonize other sites by
reducing the number of tadpoles that reach metamor-
phosis and (2) decreases in precipitation during summer
or winter could increase desiccation-related mortality
rates of individuals moving between sites. To explore the
first possibility, we calculated mean PDSI over an eight-
month period (January–August) leading up to and
including when the most recent cohort of juveniles
emerged (hereafter, the larval period; JA.PDSI; Fig. 2).
To explore the second possibility, we obtained down-
scaled, monthly estimates of precipitation and 30-yr
normals (1981–2010) for each canyon from the PRISM
Climate Group (data available online).8 For each
summer and winter, we calculated the percentage of
precipitation normals from July–September and Decem-
ber–May, respectively (precip; Fig. 2).

Survey-level covariates.—Because we expected surface-
water availability to affect frog activity patterns and
detection probability during VES surveys (Zylstra et al.
2015), we calculated the proportion of pools in each
complex with water during each survey (water). We also
created a binary variable to differentiate surveys that
were led by observers with less experience (approxi-
mately one to nine previous surveys; obs) from those led
by individuals with extensive survey experience (≥10 pre-
vious surveys).

Model implementation and inferences

We modeled variation in the probability of occupancy
among sites in spring of 1996 as a function of basin area,
number of pools in each complex, and mean elevation. We
included a quadratic term for elevation to allow for nonlin-
ear relationships between initial occupancy and elevation:

logit wi;1

� � ¼ aw þ bw:area areaið Þ þ bw:pools npoolsið Þ
þ bw:elev elevið Þ þ bw:elev2 elev2i

� � (4)

where aw is the mean probability of initial occupancy
across all sites on the logit scale. We allowed extinction
and colonization probabilities to vary between summer
and winter seasons, and to vary with basin area, surface-
water reliability, and sediment levels. In addition, we
allowed extinction probabilities to vary as a function of
drought over the preceding six-month period, and
included an interaction term to allow the effect of
drought to differ between summer and winter:

logit ei;t
� � ¼ ae þ be:area areaið Þ þ be:rel reliabilityið Þ

þ be:sed sedimenti;t
� �þ be:win wintertð Þ

þ be:dr 6mo:PDSIi;t
� �

þ be:windr wintert � 6mo:PDSIi;t
� � (5)

where ae is the probability of extinction in summer for
sites with low sediment levels on the logit scale. We mod-
eled baseline colonization probabilities as a function of
drought during the preceding larval period and precipi-
tation during summer and winter. Similar to the model
for extinction, we included interactions between hydro-
logic variables and season:

logit dB;i;t
� � ¼ ad þ bd:area areaið Þ þ bd:rel reliabilityið Þ

þ bd:sed sedimenti;t
� �þ bd:win wintertð Þ

þ bd:dr JA:PDSIi;t
� �

þ bd:windr wintert � JA:PDSIi;t
� �

þ bd:precip precipi;t
� �

þ bd:winprecip wintert � precipi;t
� �

ð6Þ

where ad is baseline colonization probability in summer
at sites with low sediment levels on the logit scale. For
site-level covariates, we assumed baseline colonization
probabilities varied with characteristics of the recipient
site (i). Alternatively, we might have modeled dB;i;j;t
instead of dB;i;t and incorporated covariates to represent
differences in habitat characteristics between sites i and
j, similar to other gradient-based approaches that have
been used for birds (Broms et al. 2016). We opted for the
simpler approach given that lowland leopard frogs have
limited dispersal capabilities and low rates of post-meta-
morphic survival (Zylstra et al. 2019). Finally, we
allowed detection probability to vary between spring
and fall sampling periods, vary with observer experience,
and vary with availability of surface water:

logit pi;k;t
� � ¼ ap þ bp:fall falltð Þ þ bp:obs obsi;k;t

� �
þ bp:water wateri;k;t

� �þ bp:water2 water2i;k;t
� �

(7)

where ap is mean detection probability of experienced
observers in spring on the logit scale.

7 https://wrcc.dri.edu/wwdt
8 http://prism.oregonstate.edu
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We specified vague priors for all parameters. We speci-
fied a logistic prior for intercepts in regression models,
a ~ Logistic(l = 0, r = 1), which implied a Uniform(0,
1) prior for w, e, d, and p when all covariates were equal
to zero (Northrup and Gerber 2018). We specified Nor-
mal(l = 0, r2 = 10) priors for all regression coefficients
describing effects of covariates on initial occupancy, col-
onization, extinction, and detection probabilities on the
logit scale. Finally, we specified a Uniform prior for
theta, the scale parameter describing the rate of decay in
colonization probability with distance: h ~ Uniform(0,
15). We fit our model in JAGS executed from R using
the package jagsUI (Kellner 2015, R Core Team 2016);
we provide our code in Data S1. We ran three Markov
chains initiated at random values for 85,000 iterations.
We discarded the first 5,000 iterations as adaptation and
burn-in and retained 1 of every 40 iterations thereafter
to summarize the posterior distribution. We assessed
convergence by inspecting trace plots and checking that
Gelman-Rubin R̂ statistics were <1.1 (Gelman and
Rubin 1992).
We assessed the extent to which each covariate

explained variation in colonization, extinction, initial
occupancy, or detection probability, conditional on
other covariates in the model, by evaluating whether
95% credible intervals (CI) excluded zero and by calcu-
lating a posterior probability (PP) value, defined as the
proportion of samples from the posterior distribution
that were >0 if the mean of the posterior was positive or
<0 if the mean was negative. For example, if the mean of
the posterior distribution for bw:area was positive, but
20% of posterior samples were negative (PP = 0.80), we
would conclude there was only weak evidence that prob-
ability of initial occupancy was associated positively

with basin area. We generated posterior distributions
for the proportion of sites occupied in each watershed
during each of the 43 sampling periods (1996–2017)
and used a Bayesian beta regression model (Ferrari
and Cribari-Neto 2004) to assess the relationship
between these posterior occupancy probabilities and
drought indices averaged over the preceding 12 months
(spring, June–May; fall, October–September). Unless
noted otherwise, we used 95% credible intervals to
characterize uncertainty of estimates based on poste-
rior distributions.

Forecasting effects of climate on metapopulation
persistence

We used simulations to forecast effects of potential
changes in climate on persistence of leopard frog
metapopulations in arid mountain canyons. We assessed
the probability that a metapopulation would persist over
a 30-yr period under three climate scenarios: (1) neutral
conditions, with monthly PDSI = 0 and precipitation
equal to 30-yr normals; (2) persistent mild drought, with
PDSI = �1.5 and precipitation in summer and winter
equal to 75% of normals; and (3) periodic extreme
drought, with PDSI = �4.5 and precipitation equal to
50% of normals for three years followed by seven years
of mild drought conditions, repeated three times. We
based these scenarios on climate projections for the
southwestern United States (Seager et al. 2007, Cook
et al. 2015) as well as values from the Rincon Mountains
during our 22-yr study. We simulated occupancy dynam-
ics for four hypothetical metapopulations, each consist-
ing of 48 sites distributed evenly among eight canyons,
to evaluate the relative importance of water reliability

TABLE 1. Summaries of environmental covariates used to explain variation in initial occupancy, extinction, colonization, and
detection probability of lowland leopard frogs surveyed in pool complexes in two watersheds (South, North) in the Rincon
Mountains, Arizona, USA between 1996 and 2017.

Covariate Label

South (n = 23) North (n = 32)

Mean Range Mean Range

Site level
No. pools npools 4.0 1, 13 3.8 1, 16
Elevation (m) elev 1137 962, 1357 1056 873, 1359
Basin area (km2) area 11.6 3.9, 32.9 7.9 1.9, 18.1
Water reliability reliability 0.85 0.19, 1.00 0.63 0.10, 1.00

Season level
Sediment levels sediment 0.54 0, 1 0.88 0, 2
Drought (prior 6 months) 6mo.PDSI �1.9 �5.4, 4.5 �1.6 �4.6, 4.7
Drought (larval period) JA.PDSI �2.0 �5.5, 4.4 �1.7 �4.6, 4.6
Precipitation (% normals) precip 88 16, 203 89 17, 206

Survey level
Surface-water availability water 0.84 0.00, 1.00 0.66 0.00, 1.00

Notes: For season-level covariates, we provide the mean value across all summer and winter seasons and for survey-level covari-
ates we provide the mean value across all surveys in each spring or fall sampling period. We used a discrete index to classify sedi-
ment levels (0, low; 1, moderate; 2, high), Palmer Drought Severity Index to characterize drought (negative values indicate
drought; positive values indicate wetter than normal conditions), and continuous indices that ranged from 0 to 1 to characterize
water reliability and surface-water availability during each survey.
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and distance between sites. Specifically, we established
metapopulations in areas where water reliability was
either high (30% of sites with permanent water, mean
reliability = 0.85) or low (15% of sites permanent, mean
reliability = 0.60) and distances between sites were either
short (distances between adjacent canyons ranged from
1 to 5 km, mean distance between all pairs of
canyons = 8.6 km) or long (range of distances = 2–
8 km, mean = 13.6 km). For each metapopulation, we
fixed initial occupancy equal to 0.50, sediment levels as
low, and basin area of each site equal to the observed
mean. We assumed the effects of drought and precipita-
tion on extinction and colonization probabilities were
identical to those we observed between 1996 and 2017.
We predicted occupancy of sites in each metapopulation
over time, with associated uncertainty, by combining
posterior draws from extinction and colonization
parameters based on observed data with projected PDSI
and precipitation values under each climate scenario.
For each metapopulation and climate scenario, we calcu-
lated the proportion of 48 sites that were occupied in
each spring and fall sampling period and computed
probability of metapopulation extinction as the propor-
tion of Monte Carlo Markov chain (MCMC) iterations
in which no sites were occupied after 30 yr. We expected
our estimates of extinction probabilities to be conserva-
tive, as 48 sites represents a large metapopulation rela-
tive to those we studied and others in this region.

RESULTS

Field surveys

We surveyed 55 pool complexes distributed across
eight canyons, with each complex containing between 1
and 16 pools (mean = 3.9). Basin area of complexes
averaged 9.4 km2, with those in the southern watershed
averaging 3.7 km2 larger than complexes in the northern
watershed (Table 1). In 75% of complexes (n = 41), at
least one pool held water during ≥50% of all sampling
periods (reliability ≥ 0.50); 25% of complexes (n = 14)
held water permanently (reliability = 1.0). Water was
less reliable in the northern than southern watershed, as
37.5% of northern pool complexes (n = 12) and only
8.7% of southern complexes (n = 2) were dry during
>50% of sampling periods (reliability < 0.50; Table 1).
Sediment reached high levels (mean sediment volume ≥
50%) in two of eight canyons, both in the northern
watershed (Table 1). In these two canyons, sediment
levels peaked approximately 1.5 yr after wildfires in
1999 and 2003 and remained high for 5–7 yr.
On average, we surveyed each pool complex in 26.0

� 0.87 (mean � SE) of 43 sampling periods
(range = 12–39 sampling periods/complex) and visited
complexes an average of 1.7 � 0.05 times during each of
those sampling periods (range = 1–13 surveys/sampling
period/complex). More than 82% of surveys were led by
observers with extensive survey experience. Most

complexes (80%, n = 44) were visited more than once
within multiple sampling periods, which provided infor-
mation about detection probability, and there was a
slight increase in the mean number of surveys per sam-
pling period per complex over time (slope = 0.02 sur-
veys/sampling period/complex, 95% CI = 0.00–0.04).
There was more surface water available for frogs during
fall (mean proportion of pools in a complex with
water = 0.84) than spring (0.65), although drought con-
ditions prevailed throughout much of the study. Both
mean PDSI and precipitation were well below normal
(PDSI = �1.7; monthly precipitation = 84% of 30-yr
normals), with exceptional drought conditions observed
in most canyons in 2013 and 2014 (minimum monthly

TABLE 2. Posterior means, standard deviations (SD), and 95%
credible intervals (CI) for parameters from a dynamic
occupancy model for lowland leopard frogs in southern
Arizona, USA.

Parameter Mean SD 95% CI PP

Initial occupancy
aw 0.15 1.31 �2.26, 2.96
bw.area 2.68 1.67 0.37, 6.72 0.99
bw.pools 3.09 2.18 �0.11, 8.12 0.97
bw.elev 0.21 1.85 �3.67, 3.64 0.57
bw.elev2 �0.33 2.28 �4.62, 4.46 0.58

Extinction
ae �0.13 0.71 �1.35, 1.47
be.area 0.16 0.68 �0.76, 1.99 0.50
be.rel �1.85 0.45 �2.78, �1.05 1.00
be.sed �0.24 0.44 �1.15, 0.60 0.70
be.win �1.92 0.91 �3.89, �0.34 0.99
be.dr �0.44 0.48 �1.39, 0.49 0.82
be.windr �1.17 0.86 �3.01, 0.41 0.92

Colonization
ad �2.47 0.55 �3.58, �1.42
bd.area 0.87 0.40 0.27, 1.85 1.00
bd.rel 0.11 0.19 �0.26, 0.49 0.71
bd.sed �0.72 0.33 �1.36, �0.05 0.98
bd.win �1.11 0.92 �3.10, 0.52 0.90
bd.dr 0.39 0.21 �0.02, 0.82 0.97
bd.windr �1.13 0.98 �3.23, 0.49 0.88
bd.precip 1.12 0.44 0.28, 2.03 1.00
bd.winprecip �1.11 0.53 �2.17, �0.12 0.99
h 1.90 0.82 0.73, 3.55

Detection
ap 1.30 0.15 1.01, 1.61
bp.fall 1.23 0.21 0.83, 1.66 1.00
bp.obs �0.68 0.23 �1.13, �0.23 1.00
bp.water �0.14 0.15 �0.44, 0.15 0.83
bp.water2 �1.03 0.16 �1.35, �0.72 1.00

Notes: For regression coefficients (b), we report the propor-
tion of samples from the posterior distribution >0 if the mean is
positive or <0 if the mean is negative (PP). a represents the
intercept term from a logistic regression model. w, e, d, and p
indicate whether the parameter is associated with initial occu-
pancy, extinction, colonization, and detection, respectively. h
represents the scale parameter in a Gaussian dispersal kernel.
See equations 2, 4, 5, 6, and 7 for more details.
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PDSI ranged from �4.8 to �6.2). Observers were more
likely to detect frogs in fall (318 of 944 surveys, 34%)
than in spring (411 of 1410 surveys, 29%). Post-meta-
morphic leopard frogs were detected at least once in 71%
of pool complexes (n = 39).

Occupancy

Across all sites, probability of initial occupancy aver-
aged 0.52 and was higher for complexes with more pools
and larger basin areas (Table 2). From 1996 to 2008, the
first 13 yr of the study, the proportion of sites occupied
in each watershed fluctuated between 0.20 and 0.61, and
peaked in fall 2008 (Fig. 3). Shortly thereafter, occu-
pancy declined precipitously in the northern watershed,
with no observations of lowland leopard frogs after
spring 2015 (Fig. 3). In contrast, occupancy in the
southern watershed continued to fluctuate between 0.38
and 0.61 for the remainder of the study.
In general, local populations were more dynamic dur-

ing summer than winter, with both extinction and colo-
nization probabilities lower during winter, except during
severe droughts (Table 2; Figs. 4 and 5). Local popula-
tions were more likely to go extinct (most probabilities
>0.2) at sites where surface water was less reliable (relia-
bility ≤ 0.25) than sites where at least one pool held
water permanently (probabilities < 0.2, except during
extreme drought; Fig. 4). Extinction probabilities did
not vary with sediment levels or basin area after
accounting for season, water reliability, and drought
(PP = 0.70 and 0.50, respectively; Table 2).
During winter, sites were unlikely to be colonized

(probabilities < 0.12) regardless of hydrologic conditions
or site characteristics (Fig. 5). During summer, sites
were more likely to be colonized when the preceding lar-
val period (January–August) was wetter than normal
and when precipitation during summer monsoons was
above average (Fig. 5). Colonization probabilities also
varied as a function of site characteristics and distance.

Specifically, the odds that frogs colonized an adjacent
site were 4.2 times higher (95% CI = 1.1–15.2) when sed-
iment levels at the recipient site were low rather than
high, regardless of sediment levels at the site of origin.
Frogs were also more likely to colonize sites in close
proximity (<2 km) to their natal site (Appendix S2).
Sites were 2.2 times (95% CI = 1.1–8.3) more likely to be
colonized by frogs from a site 150 m away compared to
a site 1.5 km away, assuming the recipient site had little
to no sediment.
Effects of drought on occupancy differed between

watersheds. Between 1996 and 2014, estimates of the
proportion of sites occupied were associated positively
with PDSI (i.e., lower occupancy during drought) in the
northern watershed (slope on the logit scale = 0.21, 95%
CI = 0.14–0.29) but not the southern watershed
(slope = 0.04, 95% CI = �0.03 to 0.11; Fig. 6).
Observers were likely to detect leopard frogs at occu-

pied complexes (mean survey-specific p = 0.82), espe-
cially when the site was surveyed more than once
during a sampling period (mean probability that experi-
enced observers would detect leopard frogs at least once
after two surveys of a complex was >0.95). Detection
probability was higher in fall than spring and peaked at
intermediate levels of surface-water availability (pro-
portion of pools with water = 0.70; Appendix S3:
Fig. S1).

Forecasts

In the absence of drought, metapopulations of low-
land leopard frogs composed of 48 sites are unlikely to
go extinct within 30 yr (extinction probabilities <0.03).
When mild or extreme droughts occur, however, some
metapopulations are vulnerable to extinction, particu-
larly if few sites have pools that hold water reliably (ex-
tinction probabilities = 0.11–0.41; Fig. 7a, c). When
extreme droughts occur at least once per decade, all
metapopulations are vulnerable to extinction within

FIG. 3. Estimated proportion of sites (with 95% CI) occupied by lowland leopard frogs in two watersheds in the Rincon Moun-
tains, Arizona, USA in spring (16 May–15 July) and fall (1 October–30 November) sampling periods between 1996 and 2017.
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30 yr, regardless of water reliability and distances
between sites. In the absence of wildfires, the spatial
arrangement of sites has less of an effect on persistence
than does water reliability (Fig. 7), although sites are
less likely to be recolonized following extreme drought if
distances between adjacent canyons are large (2–8 km).

DISCUSSION

We extended an existing model of metapopulation
dynamics by incorporating a flexible approach to

account for temporal variation in extinction and colo-
nization probabilities when surveys are imperfect and
when demography and dispersal data are limited or
absent. Our extension provides an approach to explore
mechanisms that underlie changes in the distribution of
a species over time. For example, it is possible to assess
the roles and relative importance of time-varying biotic
(e.g., distributions of competitors, predators, or diseases)
and abiotic factors (e.g., land use, climate) in describing
changes in species distributions, and to use these insights
to inform conservation strategies. Although previous
studies have suggested that these extensions were possi-
ble, few applications have incorporated time-varying
covariates in models of extinction and colonization, par-
ticularly in a spatially explicit framework that accounts
for imperfect detection.

Effects of drought on metapopulation dynamics

Changes in climate, especially increases in drought fre-
quency and severity, have been implicated in declines of
many amphibians in the western United States and
around the world (Daszak et al. 2005, Scheele et al.
2012, Hossack et al. 2013a). These changes have altered
demographic rates (e.g., Reading 2007, Cayuela et al.
2016), shifted phenology of life-history events (e.g., Todd
et al. 2011, Benard 2015), and reduced the quantity and
quality of aquatic environments on which many amphib-
ians depend (McMenamin et al. 2008, Werner et al.
2009, Pilliod et al. 2015). By allowing dynamic parame-
ters to vary as a function of time-varying covariates, we
were able to demonstrate that for lowland leopard frogs,
both extinction and colonization processes were affected
by drought-mediated factors, specifically reductions in
surface water in arid mountain canyons.
Changes in occupancy or transition probabilities of

amphibians that are active during only part of the year
in temperate environments have been linked to variation
in hydrologic conditions through data from annual sur-
veys (Werner et al. 2009, Ray et al. 2016). Data from
22 yr of biannual surveys allowed us to explore seasonal
variation in extinction and colonization processes for a
species that is active year-round (Sredl 2005). Periods of
severe drought decreased the amount of surface water
available to post-metamorphic frogs in early summer or
winter (Appendix S1), which increased extinction proba-
bilities. In summer, colonization rates reflected both the
number of potential emigrants and hydrologic condi-
tions that affected the ability of emigrants to reach new
sites. The number of emigrants arriving at a site is often
assumed to scale with the area of neighboring occupied
sites (Hanski 1999), but for many aquatic-breeding
amphibians, recruitment fluctuates in response to pre-
cipitation and hydroperiod, such that temporal variation
is likely more influential than patch area or other site-
level characteristics (Pechmann et al. 1991, Daszak et al.
2005). For lowland leopard frogs, drought conditions
during larval periods (January–August) increased the

FIG. 4. Extinction probabilities for populations of lowland
leopard frogs in (a) summer (16 July–30 September) and (b)
winter (1 December–15 May) as a function of mean Palmer
Drought Severity Index (PDSI) during the previous six months
and water reliability (permanent sites had ≥1 pools that never
went dry; low-reliability sites went dry during 75% of spring
and fall sampling periods). Negative PDSI values indicate
drought; positive PDSI values indicate wetter than normal con-
ditions. To predict extinction probabilities, we assumed sedi-
ment levels were low and basin area was equal to the mean
across all pool complexes.
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probability of recruitment failure, which decreased colo-
nization rates the following summer. When recruitment
was successful, however, individuals that metamor-
phosed were more likely to colonize neighboring pool
complexes when monsoon rainfall was above average.
Like cane toads (Rhinella marina), which reduce the fre-
quency or spatial extent of movements during drought
(Schwarzkopf and Alford 2002, Tingley and Shine

2011), lowland leopard frogs might have been less likely
to emigrate from natal pools during dry summers, reduc-
ing colonization rates. Moreover, because rates of evapo-
rative water loss are high in Lithobates spp. (Spotila and
Berman 1976), low colonization rates during dry sum-
mers might have resulted from increased mortality of
emigrants rather than, or in addition to, decreased prob-
abilities of emigration. In winter, colonization rates of
unoccupied sites were low, regardless of hydrologic
conditions.

Effects of site-level characteristics on metapopulation
dynamics

Although drought-mediated processes influenced
occupancy dynamics and persistence of metapopula-
tions, sites with pools that were spring-fed or sufficiently
deep to retain water year-round reduced those effects,
likely by functioning as refugia (Keppel et al. 2012). Our
results are consistent with other studies of amphibian
metapopulations in the western United States where per-
sistence depended on sites that held water year-round or
at least longer than the time required for tadpoles to
reach metamorphosis (Chandler et al. 2015, Ray et al.
2016). Generally, surface-water reliability is a strong pre-
dictor of extinction but explains less variation in recolo-
nization rates of unoccupied sites (Chandler et al. 2015,
Ray et al. 2016). The distribution of these hydrologic
refugia might explain why occupancy of lowland leopard
frogs in the southern watershed, where surface water
was reliable at more than one-half of sites, did not
decrease appreciably when drought conditions were
severe. In contrast, occupancy in the northern water-
shed, where water was reliable at less than one-third of
sites, decreased markedly as drought severity increased.
Results from our forecasts suggest this decline was likely
a function of site characteristics rather than the number

FIG. 6. Seasonal estimates of the proportion of sites occu-
pied by lowland leopard frogs in two watersheds in the Rincon
Mountains, Arizona, USA, 1996–2014, as a function of Palmer
Drought Severity Index (PDSI) averaged over the preceding
12 months. Proportion of sites occupied was positively associ-
ated with PDSI in the northern watershed (dashed line; slope
on logit scale = 0.21, 95% CI = 0.14–0.29), but not the south-
ern watershed (solid line; slope = 0.04, 95% CI = �0.03–0.11).

FIG. 5. Baseline colonization probabilities for populations of lowland leopard frogs in summer and winter as a function of (a)
mean Palmer Drought Severity Index (PDSI) during the previous larval period (Jan–Aug) and (b) precipitation during current sum-
mer and winter seasons. Negative PDSI values indicate drought; positive PDSI values indicate wetter than normal conditions. To
predict colonization probabilities as a function of drought, we fixed basin area and water reliability equal to their means across all
pool complexes, sediment levels as low, and precipitation to its mean across all pool complexes and seasons. We similarly fixed basin
area, reliability, sediment, and PDSI values to their means when predicting colonization probabilities as a function of precipitation.
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of sites, as even large metapopulations had significant
probabilities of extinction when only a small proportion
of sites had reliable surface water and when droughts
were persistent or severe. Like other amphibians in arid
regions, persistence of leopard frogs in the Sky Island
region likely depends on refugia with reliable surface
water, the quantity and quality of which are likely to
decrease with anticipated changes in climate and distur-
bance regimes (Westerling et al. 2006, Seager et al. 2007,
Cook et al. 2015).
Effects of wildfire on amphibian populations have

been studied in forest ecosystems (Dunham et al. 2007,
Hossack et al. 2013b) but not in deserts. In low-elevation
deserts that have not been invaded by nonnative grasses,
wildfires are generally rare and low intensity (McLaugh-
lin and Bowers 1982, Brooks and Matchett 2006). Wild-
fires in these areas are unlikely to cause direct mortality
of stream-dwelling species, as fuels in and near stream
channels are often insufficient to sustain fire. Stand-
replacing fires in forests at higher elevations, however,
can affect species that inhabit downstream reaches
because post-fire erosion often transports large amounts
of sediment from the upper watershed to pools below
(Parker 2006, Goode et al. 2012). Though increases in
sedimentation were not associated with local extinctions
of leopard frog populations during our study, frogs were

less likely to recolonize sites with moderate to high levels
of sediment (average sediment volume ≥25%). Because
sediment levels declined slowly (high levels persisted for
an average of 6.2 yr at sites affected by fires in forests at
high elevation), affected sites were likely to remain unoc-
cupied for many years following fire. Our study is one of
the first to associate amphibian declines with wildfire-
caused sedimentation, yet we expect these secondary
effects of fire to occur more frequently as the number of
severe, large-scale wildfires is expected to increase in the
western United States (Westerling et al. 2006, Goode
et al. 2012).
Although we found that declines in lowland leopard

frogs were associated with drought and the downstream
consequences of wildfire, other factors may have influ-
enced their population dynamics. Batrachochytrium den-
drobatidis (Bd), a fungal pathogen that causes
chytridiomycosis, has been implicated in declines or
extinctions of several montane amphibians in the west-
ern United States (Bradford 1991, Kagarise Sherman
and Morton 1993, Muths et al. 2003). With few excep-
tions, most amphibian populations in the warmer
deserts of the southwestern United States persist with
low rates of infection (Schlaepfer et al. 2007, Savage
et al. 2011); disease-related mortality, when it occurs, is
generally expected in cooler winter months (Forrest and

FIG. 7. Proportion of sites occupied over 30 yr in simulated metapopulations of lowland leopard frogs under three climate sce-
narios: (1) neutral conditions, (2) persistent, mild drought, and (3) extreme three-year droughts occurring once per decade.
Metapopulations were characterized by (a) low water reliability and long distances between sites, (b) high water reliability and long
distances between sites, (c) low water reliability and short distances between sites, and (d) high water reliability and short distances
between sites. Lines represent the medians of posterior distributions. In all simulations, we assumed 50% of sites were occupied in
the first year.
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Schlaepfer 2011, Savage et al. 2011). Although we did
not test for presence of Bd throughout the study, our
analyses suggest that factors other than disease were the
primary drivers of the declines we documented, as most
local extinction events occurred during summer. We
note, however, that extirpation of lowland leopard frogs
from a canyon near our study area in 2011 was associ-
ated with high rates of Bd infection (Savage et al. 2011).

CONCLUSIONS

As anthropogenic activities decrease the quantity and
continuity of habitat for many species, applications for
metapopulation theory are likely to increase (Hanski
1999). In most spatially explicit models of metapopula-
tion dynamics, colonization and extinction probabilities
are assumed to vary among sites solely as a function of
patch area and connectivity, despite evidence indicating
that these dynamic processes reflect variation in climate,
hydrology, or other environmental factors (Royle and
K�ery 2007, Ray et al. 2016). Such constraints are often
unavoidable when exploring data collected over rela-
tively short time periods that fail to capture appreciable
variation in environmental conditions. In contrast, anal-
ysis of data from long-term studies with flexible models
that allow for spatial and temporal variation in transi-
tion parameters can provide insights into mechanisms
that govern distributional dynamics and therefore
contribute to conservation of species with patchy distri-
butions. In our case study, for example, results will help
managers identify locations to reintroduce lowland
leopard frogs, prioritize areas for habitat restoration
based on the reliability of surface water, and determine
whether populations should be translocated following
catastrophic fires or similar landscape-level disturbances.
More broadly, our work facilitates development of
ecological models that account for potential sources of
variation in extinction and colonization rates, that
reflect landscape structure and dispersal processes,
and that account for imperfect detection during field
surveys.
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